Purpose The purpose of this paper is to compare three approaches for providing information on the bioaccumulation potential of metals from contaminated sediments to the deposit-feeding polychaete Arenicola marina. Materials and methods We present metal (Ag, As, Cd, Cu, Pb and Zn) bioaccumulation results from field-collected sediments quantified through direct measurements of bioaccumulated concentrations in A. marina over a period of 30 days under controlled laboratory exposures and compare these results with bioaccumulated metal concentrations in field-collected organisms from the same sites of collection of the sediments used in the laboratory exposures. For the metals for which model parameters are available (Ag, As, Cd and Zn), we also compare these results with biodynamic model predictions. We considered three UK estuaries characterised by a well-reported history of trace metal contamination and bioavailability in addition to the (control) site of collection of the worms. Results and discussion The results from laboratory-exposed organisms showed that the standard 28-day exposure duration may be adequate to identify the potential for metal bioaccumulation in this polychaete at the sites considered here. However, the time course of bioaccumulated concentrations and the comparison with measured concentrations in field-collected worms show that a steady state has not been reached, confirming the need for extended exposure periods. The worms showed symptoms of stress in feeding and growth during the initial 10 days of exposure and subsequent partial recovery during the following 20 days, suggesting that stress was not always caused by sediment contamination but that it was likely associated with handling and acclimation. At this last stage of the exposure, a generalised biodynamic model was used to provide estimates of bioaccumulated metal concentrations and net accumulation rates in worms.
physico-chemical characterisation of sediments, toxicity testing, benthic surveys and the bioaccumulation/biomagnification potential of contaminants (e.g., Chapman and Anderson 2005) . Biomagnification is most commonly considered for persistent organic contaminants (Mackay and Fraser 2000) , whereas biomagnification of metals is apparently food web and metal specific (Barwick and Maher 2003; Croteau et al. 2005; Cheung and Wang 2008; Jaeger et al. 2009 ). Nevertheless, marine organisms can accumulate metal concentrations in their tissues that may threaten the health of organisms higher in the food chain through trophic transfer, and evidence exists of adverse effects in marine top predators associated with metal-rich diets (Boyle et al. 2008; Cheung and Wang 2008) .
Bioaccumulation of contaminants from sediment can be measured directly through the collection of organisms from the field, transplantation studies and laboratory tests, or it can be predicted using models (US EPA 2000; Fairbrother et al. 2007) . Historically common among the models are bioconcentration/bioaccumulation factors (BSAF when referred to sediments) and the acid-volatile sulfide model for metals, which assumes that metals forming highly insoluble metal sulfides in sediments are unavailable to infaunal biota (Fairbrother et al. 2007; ICMM 2007) . Both of these modelling approaches for metals have been criticised as flawed given an understanding of the physiology and behaviour of burrowing animals, especially those ingesting sediment (Lee et al. 2000; De Jonge et al. 2009 ). When appropriate data are available, the use of kinetic-based models such as biodynamic modelling is considered to be a more defensible alternative (Fairbrother et al. 2007; ICMM 2007) .
Direct measurements of bioaccumulated metal concentrations account for physiological differences between sediment-affected organisms and take into account geochemical factors (De Jonge et al. 2009; Van Geest et al. 2011) . While field studies offer information on real environmental situations, bioaccumulation bioassays are useful to obtain direct measurements for assessment of hypothetical situations or when the habitat under study is otherwise (to be) altered, for example by dredging activities, and obtaining field-collected tissue is not possible (Van Geest et al. 2011) . In addition to standardisation of protocols, field validation of bioaccumulation tests is needed if quantitative estimates of exposure are to be used with confidence in ecological risk assessment and decision-making (ASTM 2010; Van Geest et al. 2010) .
Arenicola marina is a well-studied polychaete in coastal areas of the North Atlantic. A. marina lives in and feeds on sediment. It provides an important food source for fish and invertebrate species, thus potentially contributing to the trophic transfer of sediment-bound metals to higher levels in the food chain. The use of A. marina as a test organism has been extended and supported by several recommendations for acute toxicity testing (e.g., OSPAR 1995; Thain and Bifield 2001) . Its use has been tested in the development of longer-term assays which measure effects on sublethal endpoints, considered more relevant to predicting impacts at the population level (Allen et al. 2007) , and several biomarkers are being validated in laboratory-exposed organisms and organisms from field toxicity bioassays using benthic cages (RamosGomez et al. 2011a, b) . A. marina has been also used in bioaccumulation and toxicity studies of organic (Thain et al. 1997; Kaag et al. 1998; Timmermann and Andersen 2003; Morales-Caselles et al. 2008 ) and metal contaminants (Bernds et al. 1998; Casado-Martinez et al. 2010a; Kalman et al. 2012) , and several studies have used A. marina as a model organism for describing the bioavailability of sediment-bound contaminants to deposit feeders in in vitro studies (Chen and Mayer 1999; Lawrence et al. 1999; Turner et al. 2008) .
Recently, we have described the bioaccumulation of trace metals (Ag, As, Cd and Zn) from water and sediment in A. marina by means of biodynamic modelling, showing that ingested sediment is an important (typically much the major) uptake route (Casado-Martinez et al. 2009a , 2010b . Dynamic modelling improves predictions of metal bioaccumulation in aquatic organisms because it incorporates different exposure routes (i.e., water and diet) and the dynamic nature of physiological metal bioaccumulation processes (Luoma and Rainbow 2005) . The calibration and validation of model predictions against field measurements corroborated the validity of model assumptions and supported the use of biodynamic modelling to predict metal bioaccumulation in this deposit-feeding polychaete (Casado-Martinez et al. 2009b ). Here, we present metal bioaccumulation results from field-collected sediments quantified through direct measurements of bioaccumulated concentrations in A. marina over a period of 30 days under controlled laboratory exposures and compare these results with bioaccumulated metal concentrations in field-collected organisms from the same sites of collection of the sediments used in the laboratory exposures. These results are also compared with biodynamic predictions for the bioaccumulation of the metals for which model parameters are available (Ag, As, Cd and Zn), which are also used for a better interpretation of laboratory bioaccumulation test results.
Materials and methods

Laboratory bioaccumulation studies
Collection of worms and sediments
Worms were collected from the Two Tree Island (051°31.92′ N, 00°37.62′ E) in the outer Thames estuary in SE England by digging intertidally. Two different batches of experiments were carried out, a first one in September 2008 (exposure to Thames, Dulas Bay and Gannel sediments) and a second one in July 2009 (exposure to Restronguet Creek sediments). The worms were transported to the laboratory in a cool box and were maintained in the same seawater and conditions used in all laboratory exposures-artificial seawater (Tropic Marine (TM), Tropicarium Buchschlag, Dreieich, Germany) at a salinity of 33 at 10°C-until they were used in experiments.
Sediments were collected at different UK estuaries characterised by a well-reported history of trace metal contamination and bioavailability: the Gannel estuary (050°20.25′ N, 05°05.93′ W) and Restronguet Creek (050°11.51′ N, 05°03.50′ W) in Cornwall in SW England and Dulas Bay (053°22.30′ N, 04°16.73′ W) in Anglesey, north Wales. Sediments were also collected from the site of worm collection in the outer Thames Estuary in SE England, which were used as an experimental control. Oxic surface sediments (approximately 40 l each from the top 10 cm) were collected with a spade and placed in clean plastic buckets for transport to the laboratory, where a subsample was taken for characterisation of physico-chemical properties. The rest of the sediment was kept at 4°C in the dark until use in the exposures, always in the following month after collection (US EPA 2000).
Experimental setup
PVC cylinders, 12 cm in height and 10 cm in diameter, were filled with test sediments to a depth of 10 cm, and multiple cylinders were placed in larger plastic boxes filled with TM to reach 2 cm above the cylinders. The overlying water was aerated and maintained at 10±2°C during the exposure duration and salinity of 33±2 by adding distilled water. Overlying water was renewed on days 10, 20 and 30.
Two days after the experimental setup, a single worm was placed in each cylinder. Worms that had not burrowed during the first 24 h were replaced by new worms. Worms were inspected at 24-48-h intervals for casting, burrowing or mortality, and any dead worms on the sediment surface were removed. On days 10, 20 and 30, five worms were sampled for the analysis of metal content. Worms were rinsed in TM and were placed in 50 ml TM for 2 h to eliminate surface-adsorbed metals. Then, the worms were dried in tissue paper and were frozen at −20°C. The worms were dissected to remove any sediment present in the gut, dried to constant weight at 60°C and digested in concentrated nitric acid (Aristar grade, Merck) at 100°C (hot acid reflux). Each digest was made up to a known volume with double-distilled water for trace metal analysis. On the day the exposure was initiated, 10 ml of overlying water near the sediment surface was sampled from each exposure chamber and acidified with concentrated nitric acid for the quantification of dissolved trace metal concentrations using the same technique as for sediments and worm extracts.
Physico-chemical measurements
Sediment samples were sieved through a 125-μm stainless steel mesh with distilled water, and the two separated fractions were dried to constant weight at 60°C to provide an estimate of the proportion of fines in the sample. The dried fine fraction was ground to a fine powder with mortar and pestle. Five-gram replicates of the fine fraction were digested for metal analysis by refluxing in 10 ml concentrated HNO 3 before evaporation to dryness and reconstitution in 0.6 N HCl. Further 0.5 g replicates of the fine sediment samples were extracted in 10 ml of 0.6 N HCl for 2 h at room temperature. Organic matter (OM) content was estimated as weight loss after ignition at 550°C for 30 min.
Analysis of worm and sediment digests was carried out on a Vista-Pro CCD simultaneous inductively coupled plasma-optical emission spectrometer. Comparative samples of Standard Reference Material for sediment (MESS 3, National Research Council of Canada, Ottawa, Canada) and mussel tissue (ERM CE278, Institute of Reference Materials and Measurements, Geel, Belgium) and blanks were processed and analysed simultaneously. Differences observed for sediment reference material are attributable to the different acid extractions used and are consistent with results found in the literature (Townsend et al. 2007; Casado-Martinez et al. 2009b ). All metal concentration data are expressed in terms of dry weight. Differences are considered as statistically significant at p<0.05.
Field data
Sediments and worms were collected from the Thames and Gannel estuaries and Dulas Bay in May or June 2008 at the same sites and following the same sampling procedure as for the laboratory tests. No field data are available for Restronguet Creek worms because the creek does not host any population of A. marina. Digestion and analysis of worms and sediments followed the same procedures as for the laboratory bioaccumulation study. The summaries of bioaccumulated concentrations of Ag and Cd used for comparisons are those estimated for a standard-sized worm of 0.3 g dry weight, as opposed to mean concentrations, in order to allow for the significant variation of individual size of the worms between collection sites and the effect of body size on accumulated metal concentrations. Statistical differences are considered as significant at p<0.05. Full information on the procedures and data can be found elsewhere (Casado-Martinez et al. 2009b , 2010b ).
Biodynamic modelling
The variation of accumulated metal in worms with time may be described as:
where C O (μgg −1 dry weight) is the total amount of metal accumulated by the organism, subdivisible into C OW , the metal accumulated after uptake from water, and C OS , the metal accumulated from sediment ingested as food; k u (μgg ) is the ingestion rate; AE (%) is the assimilation efficiency and k es (day −1 ) is the loss rate constant of metals assimilated from the sediment as food. For a certain exposure period, the gain or loss of metal can be calculated as:
ΔC Ot added to the initial background concentration prior to exposure (day 0) gives a final bioaccumulated concentration at time t. This background concentration (C 0 ) should undergo the same concentration changes (i.e., efflux; Bennett et al. 2011) described by k es and/or k ew depending on its origin from water or food and the prevalence of each route of uptake-for A. marina, we used k es values assuming that most of the accumulated metals are taken up from ingested sediment according to previous estimates (CasadoMartinez et al. 2009b (CasadoMartinez et al. , 2010b )-as
A complete description of the selection of values used for the construction of the generic model can be found elsewhere (Casado-Martinez et al. 2009b , 2010b . A generic model was constructed using the values of the physiological parameters k u , k ew , AE and k es obtained empirically using radiotracers (i.e., 73 As,
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Ag, 109 Cd and 65 Zn) from laboratory exposures for two different populations under the same conditions as in the bioaccumulation tests used in this study (i.e., temperature, salinity, same overlying water; Casado-Martinez et al. 2009a , 2010b , together with sets of sediment physico-chemical parameters commonly obtained in most sediment characterizations (Tables 1  and 2 ). The dissolved concentrations (C W ) used in the modelling were obtained after scaling the range of standard concentrations considered in our previous exercises to the concentrations measured in sediments, assuming that A. marina is exposed to an unknown mixture of overlying and interstitial water (Casado-Martinez et al. 2010b; Rainbow et al. 2011) . The metal concentrations in ingested sediments (C S ) were those measured in sediments after strong (HNO 3 ) or weak (HCl) acid extraction depending on our previous calibration exercises (HNO 3 for Ag, Cd and Zn; HCl for As). Site-specific ingestion rates (IRs) were calculated taking into account the OM content measured in the fine sediment fraction (<125 μm) for a size of worm corresponding to the mean weight of the individuals exposed to each of the sediments according to the model developed by Cammen (1980) . For modelling the bioaccumulation of Ag, Cd and Zn, we expressed the calculated IR as grams of OM ingested per gram of organism per day, with the assumption that A. marina only subjects the organic matter in the sediment to digestive processing (Casado-Martinez et al. 2009a, b) . This assumption gave the best predicted fit to measured concentrations in fieldcollected worms for these three metals (Casado-Martinez et al. 2009a, b) . For As, the IRs are expressed in terms of gram of total dry sediment per gram of organism per day, this different assumption giving the best predicted fit to measured field concentrations (Casado-Martinez et al. 2010b) . When these IRs are coupled with the metal concentrations measured in the whole fine fraction of the sediment (after HNO 3 extraction as for Ag, Cd and Zn or after HCl extraction as for As), we further assume that the metal is distributed homogeneously among the different binding phases (OM, Fe/Mn oxides, etc.) and that the respective extraction procedure identified above gives the best proxy for metal bioavailability from sediments to the worm through desorption in the gut for the metal concerned (Casado-Martinez et al. 2010b ). For Ag, Cd and Zn, we are assuming that only the metal bound to OM is processed and therefore susceptible to bioaccumulation-A. marina adjusting their feeding rate to the organic component of the sediment fine fraction (Casado-Martinez et al. 2009a )-whereas for As we assume that both organic and inorganic phases of the sediment ingested are relevant sources for As bioaccumulation (Casado-Martinez et al. 2010b ). For As, we scaled the AE and water concentrations to the Fe concentration measured in the Thames sediments, our reference site used for the development of the physiological parameters of As uptake and elimination, according to the normalisation factor (S) developed by Casado-Martinez et al. (2010b) :
where Thames HCl-Fe sediment concentration and site HCl-Fe sediment concentration are the Fe concentrations measured in the Thames sediments or the sediments from the site under consideration, respectively, after extraction with HCl. Table 1 summarises the sediment properties (% of sediment with grain size <125 μm and % of OM) and the concentrations of Ag, As, Cd, Cu, Pb, Zn and Fe in the fine fraction of the sediments after extraction with concentrated HNO 3 and partial extraction with 0.6 N HCl. Sediments from the Gannel estuary, Dulas Bay and Restronguet Creek were sandy with a proportion of OM in the fine sediment fraction between 9 and 17 %. The sediments from the Thames estuary, which is the sediment that hosted the population of worms used in the laboratory exposures, consisted of a sandy mud with 4 % OM content in the fine fraction. The fine fraction of the sediments from the Thames presented the lowest concentrations of As and Zn and intermediate concentrations of Ag and Cd compared to the other sediments. The Restronguet Creek sediments have the highest concentrations of Ag, As and Zn, whereas the Cd concentrations were below the detection limit. As and Cd were higher in the Gannel estuary than at Dulas Bay, whereas the Ag and Zn concentrations were similar at both sites. The Cu concentrations were very high at Restronguet Creek and Dulas Bay, and the Pb concentrations were significantly higher at Restronguet Creek and the Gannel estuary than at the rest of the sites.
The concentrations of Ag, Cd and Pb in overlying water before introduction of the worms were always below the detection limit (2 μg Ag l −1 , 7 μg Cd l −1 and 20 μg Pb l −1 ).
Arsenic concentrations were only measured at quantifiable levels (detection limit is 30 μg As l −1 ) in the Restronguet
Creek exposure, with a concentration of 36±2 μg As l −1 , whereas the Zn concentrations were 89±1 μg Zn l −1 in the Restronguet Creek exposure, 77±1.7 μg Zn l −1 in the Dulas Bay exposure and 18 ± 2 μg Zn l −1 in the Gannel. Zn concentration in overlying water in the Thames estuary exposure was<5 μg Zn l −1 .
Burial, feeding activity and mortality
The accumulated mean survival of A. marina was ≥80 % and adequate for bioaccumulation bioassays (US EPA 2000; Van Geest et al. 2010 ) in all but the Gannel sediment, where the accumulated mortality was 30 % at the end of the 30-day exposure. Worms buried into sediments immediately after introduction to the test chambers, and no differences in initial worm burrowing behaviour were found between the different sediments. Some worms started to produce casts already after 24 h of exposure, indicating active feeding, whereas other worms did not produce any cast until day 3. The number of worms actively feeding increased over time as the worms acclimated to the test sediments, and almost all of the worms that fed during exposure were already feeding by the third day. The percentage of worms that actively fed during the 30-day exposure period was 95 % for the Thames sediments, 84 % for the Gannel, 71 % for Dulas Bay and 70 % for Restronguet Creek. Only worms that were actively feeding were used for quantification of bioaccumulated metal concentrations. Even if the individuals were actively feeding during the experiments, they lost part of their body weight compared to that measured before exposure was started. Over the 30-day exposure period, the change in total body wet weight of worms ranged from −35 to +20 %, with mean body weights being 90, 87 and 81 % of initial weight when exposed to the Thames, Gannel and Dulas Bay sediments, respectively. Individual body weight was more homogeneous in worms exposed to Restronguet Creek sediments, but the average change in total body wet weight of worms was −35 % at the end of the 30-day exposure.
Metal bioaccumulation
The bioaccumulated concentrations in A. marina exposed to the different sediments over 30 days of exposure are summarised in Fig. 1 . We report two different initial concentrations in experimental worms collected from the Thames estuary according to the two different batches of experiments carried out; the first batch tested the Thames, Gannel and Dulas Bay sediments, whereas the second batch tested the Restronguet Creek sediments. In accordance with the very high metal concentrations in the Restronguet Creek sediment, worms exposed to this sediment showed a statistically significant increase in the concentrations of As, Cu, Pb and Zn in their tissues after only 10 days of exposure when compared to concentrations on day 0. Bioaccumulated metal concentrations showed a progressive increase during the following 20 days of exposure and reached maximum levels on day 30.
Worms exposed to sediments from the Gannel estuary and Dulas Bay showed an increase in the bioaccumulated concentrations of those metals that showed high concentrations in these sediments (see Table 1 ). Worms exposed to the Gannel sediment showed a statistically significant increase in As, Cd and Pb bioaccumulated concentrations on day 30, but bioaccumulated metal concentrations on days 10 and 20 did not show a clear increasing trend. Similarly, the bioaccumulated Cu concentrations in worms were significantly (p<0.05) raised after 30 days of exposure to Dulas Bay sediments but not before.
In general, most metals studied showed an increasing accumulation throughout the last 10 days of exposure. The bioaccumulated concentrations of Zn showed a different pattern. Worms showed a statistically significant increase in tissue concentrations on day 10 of exposure to the Gannel estuary and Restronguet Creek sediments, whereas a significant increase was also observed on day 20 upon exposure to Dulas Bay sediments. The Zn concentrations in worms exposed to all sediments showed an increase on day 30 compared to those measured in worms exposed to the Thames sediment (the control exposure), but the increase was only statistically significant in worms exposed to the Restronguet Creek sediments.
In this study, we also considered the exposure of worms to the Thames estuary sediments from the site of collection of worms as a control exposure. Although the bioaccumulated metal concentrations showed a certain degree of variation over the exposure period, no statistically significant increase or decrease was registered compared to the concentrations measured in worms before sediment exposure.
Comparison between laboratory and field data
The comparison of bioaccumulated metal concentrations between field-collected and laboratory-exposed A. marina is summarised for the three sites in Fig. 2a (field data are not available for Restronguet Creek). The plot shows that only a small number of points fall out of the twofold variation range, and most of them fall below the 1:1 relationship, indicating that laboratory-measured bioaccumulated concentrations were most commonly in the range of or lower than field-measured concentrations. The regression of laboratory versus field bioaccumulated concentrations for the data from the Thames estuary followed the 1:1 relationship, with a slope of 1.06 (R 2 00.99; Fig. 2a ). The slope of the regression of data from the Gannel estuary was 0.74 (R 2 00.90), whereas that for Dulas Bay was 0.57 (R 2 00.62). Bioaccumulated concentrations of Ag measured in laboratory-exposed organisms (see Fig. 2b ) were most often higher than those measured in field-collected worms, whereas the concentrations of As, Cd, Cu and Pb deviated from the 1:1 relationship at increasing bioaccumulated field concentrations. The Cu concentrations measured in worms exposed to the Dulas Bay sediments are~30 % of those measured in field-collected worms. The concentrations of Pb in A. marina exposed to the Gannel sediments in the laboratory were~30 % of those measured in field-collected worms, and this percentage increases to~55 % for As. The data for Zn followed a 1:1 relationship, indicating that laboratory-measured bioaccumulated concentrations were in the range of field-measured concentrations.
Since the samples used to obtain the field and laboratory data were not collected synoptically, it is possible that differences in bioaccumulated concentrations are associated with different metal concentrations in sediments. A comparison of BSAFs (see data in Table S1 of the "Electronic supplementary material"), calculated for the laboratory and field exposures as the ratio between the bioaccumulated concentration for a certain metal and the concentration of the metal in the sediment, shows how the lack of agreement of bioaccumulated concentrations of Ag was associated with differences in the sediment concentrations only in the Thames exposure but not in the Gannel and Dulas exposures, which showed higher bioaccumulated concentrations in laboratory-exposed worms than in field-collected worms. The disagreement in the bioaccumulation of Cu in the Gannel sediments is also associated with differences in the sediment concentrations according to a BSAF of 0.58 calculated for both the field and laboratory data. However, the difference in the bioaccumulated Cu concentrations in the Dulas Bay was not associated with sediment concentrations, with corresponding BSAFs of 0.28 and 0.43 for the laboratory and field data, respectively. The bioaccumulated concentrations and corresponding BSAFs for As, Cd, Zn and especially Pb are consistently lower in laboratory-exposed than in field-collected worms.
Comparison between laboratory exposure data and biodynamic modelling
The comparison of bioaccumulated concentrations in laboratory-exposed A. marina and biodynamic predictions of bioaccumulated concentrations of the four metals Ag, As, Cd and Zn after 10, 20 and 30 days of exposure is summarised in Fig. 3 for the metals of concern at each site (namely, As and Zn for Dulas Bay; As, Cd and Zn for the Gannel; and Ag, As and Zn for Restronguet Creek). The plot shows that only a small number of points fall out of the twofold ). The predicted concentrations have been developed using a generalised model with variability corresponding to the range of measured assimilation efficiencies in pulse-chase feeding experiments. Only data for exposures representing an increase in sediment metal concentrations are included: Ag, As and Zn for Restronguet Creek sediments (multiplication symbol), As and Zn for Dulas Bay (open triangle) and As, Cd and Zn for the Gannel (filled circle). Lines represent a deviation of 2× above or below the 1:1 relationship variation range, with a scatter distribution around the 1:1 relationship indicating that predictions obtained with the generic model are in good agreement with laboratorymeasured bioaccumulated concentrations. The slope for the regression of model-predicted versus laboratory bioaccumulated concentrations for the whole time series is 1.15 (R 2 00.70), whereas it decreases to 1.09 (R 2 00.77) when only considering data for 30 days of exposure. The model predicted accurately the increase in the bioaccumulated concentrations of As and Zn in worms exposed to the Restronguet Creek sediments, whereas model predictions of Ag concentrations were below the concentrations measured in laboratory-exposed worms (Fig. 4) . The predicted bioaccumulated concentrations of As for the Dulas and Gannel exposure were also in good agreement with measured concentrations, whereas Cd concentrations were also accurately predicted for the Gannel exposure, with some disagreement on data for 20 days which was associated with the low concentration measured in laboratory-exposed worms when compared with measurements on days 10 and 30 (see data in Figs. S2 and S3 of the "Electronic supplementary material").
Discussion
Deposit-feeding polychaetes are, together with bivalves, among the most commonly recommended and used marine benthic invertebrates for the assessment of bioaccumulation from sediments (US EPA 2000). Deposit-feeding polychaetes are sought as suitable indicators of sediment contamination as they are among the most abundant taxon in benthic sampling, they live in intimate contact with sediment, where they live and feed, and they are relatively inert ensuring chronic exposure (Dean 2009 ). The marine polychaete A. marina is a regular in marine ecotoxicology (Bat 2005) and in principle meets many of the requirements for test organism selection for sediment bioaccumulation tests. Although culturing of this species has been only achieved to a limited extent (WO/2003/007701), wild populations are available all year round. A. marina withstands the long-term exposure periods necessary for bioaccumulation tests, is tolerant to a wide range of sediment and water quality characteristics and provides adequate biomass for chemical analyses. In summary, it is a serious candidate marine species for which ingested sediment is an important (if not major) route of metal uptake. In this study, we explored the performance of A. marina in metal bioaccumulation assessment through the direct comparison of results obtained from three different approaches potentially useful in a regulatory context (US EPA 2000; ICMM 2007): direct measurements of metal bioaccumulation in laboratoryexposed organisms, measured concentrations in fieldcollected organisms and biodynamic model predictions of bioaccumulated concentrations of metals for which values of the physiological parameters of metal accumulation have been derived in previous works.
Among the most important issues for laboratory protocols, together with the selection of test species, is exposure duration. Relatively simple and inexpensive short-term tests can be used to identify qualitatively which sediment compounds will bioaccumulate, whereas longer-term tests of a minimum of 28 days are required for quantitative estimates of accumulated tissue concentrations for these compounds (US EPA 2000). In our laboratory experiments with A. marina, 10 days was enough to register a significant bioaccumulation potential when sediment concentrations were conspicuously high (i.e., Restronguet Creek). For sediment concentrations still high but not as high as in Restronguet Creek, such as As and Pb in the Gannel estuary or Cu in Dulas Bay, 30 days instead of 10 days was needed to register a significant increase in bioaccumulation. This exposure period, however, proved to be insufficient to reach a steady state under the conditions of this study as demonstrated by the steady increase in bioaccumulated concentration over the period of observations and the comparison with concentrations measured in field-collected organisms. ) measured in individuals of A. marina from laboratory exposures to Restronguet Creek sediments (multiplication symbol) and model-predicted concentrations in the absence of sediment ingestion (filled triangle) and with an optimal ingestion rate as calculated following Cammen (1980) (filled square)
A total of 28 days is the standard recommended duration for bioaccumulation tests for the assessment of organic and organometallic compounds because previous results indicate that tissue residues are typically within 80 % of steady-state concentrations, although some uncertainty remains as to how representative a 28-day exposure is of steady-state conditions, in particular for very high hydrophobic organic compounds (see review in Van Geest et al. (2010) ). The proportion of the metal concentrations reached by the experimental worms over the laboratory exposure in our study compared to the concentrations measured in fieldcollected worms was~30 % for Cu for Dulas Bay sediment and~30 % for Pb and~60 % for As for the Gannel sediment, suggesting that an exposure period of~90,~90 and 60 days, respectively, would be needed to provide a quantitative estimate of steady-state bioaccumulated metal concentrations derived from the sediments considered here.
Certain considerations apply when interpreting the results for Zn. Zinc is an essential metal that A. marina appears to regulate to a relatively constant body concentration over a range of sediment Zn bioavailabilities (Turner et al. 2008; Casado-Martinez et al. 2009a ). This ability to regulate the body concentration of Zn is clearly overcome in worms exposed to the Restronguet Creek sediments as has been described for the population of the polychaete Nereis diversicolor living at this site (Rainbow et al. 2009 ). There is not, however, a steady increase in the bioaccumulated concentrations of Zn in worms exposed to the Gannel and Dulas Bay sediments over the laboratory exposure period but there was a relative increase (although not statistically significant) after 30 days of exposure compared to unexposed worms and worms exposed to the Thames sediment (the control exposure). The field population living in the Gannel estuary did not show raised bioaccumulated Zn concentrations, but the population in Dulas Bay actually did but on threefoldhigher sediment concentrations (>600 μgg −1 ; CasadoMartinez et al. 2009b ). An extended exposure period may also be required to produce a clearer picture of the breakdown of the Zn regulation capacity of A. marina and allow the eventual attainment of steady-state Zn body concentrations after an initial period of physiological adaptation of the worms. Differences in bioaccumulated metal concentrations between laboratory-and field-collected worms may be attributable not only to test duration but also to changes in sediment composition, differences in temperature affecting metabolic rates and differences in the organisms' behaviour (Van Geest et al. 2011) . Differences associated with changes in sediment concentrations among samplings have been considered here through the development of BSAFs, but this factor is only responsible for minor differences (for example, Cu bioaccumulation for the Gannel sediments and Ag for the Thames sediments). Mortality or loss of biomass are not endpoints usually measured (and thus reported) in bioaccumulation studies, but they may provide information about possible avoidance or reduced ingestion of contaminated sediment, altering contaminant exposure and influencing the ability of organisms to achieve a steady state (Van Geest et al. 2010) . Taking into consideration that it took up to 3 days for the worms to acclimatise to their new habitat and feed regularly in the new sediment, a feature that has been observed for several other polychaetes under laboratory exposures (Weston et al. 2000; Timmermann and Andersen 2003; Janssen et al. 2010) , and that A. marina decreases feeding activity at increasing concentrations of sediment-bound contaminants to the point that feeding activity is being considered a suitable endpoint in toxicity tests (Timmerman and Andersen 2003; Bat 2005; Allen et al. 2007) , it may be reasonable to suppose that this feature is an issue for the interpretation of bioaccumulation test results on deposit-feeding polychaetes such as A. marina.
Even if biodynamic models can provide forecasts that are in the scale of measured concentrations in both field-collected organisms and organisms exposed in the laboratory to metal-contaminated sediments, a model that uses average values of physiological parameters and physico-chemical measurements is a generalisation that may not capture site-specific differences in metal bioavailability. However, there is great potential for testing different hypotheses and scenarios (Casado-Martinez et al. 2010b) ; this is one of the advantages of using a model, namely, that it can be used to estimate patterns of bioaccumulation of specific substances under specified exposure conditions (US EPA 2000). According to our previous results, ingested sediment is an important (often much the major) source of metals for the polychaete A. marina, with the strongest determinants for the model being ingestion rate, assimilation efficiency and metal concentration in sediments (CasadoMartinez et al. 2009b (CasadoMartinez et al. , 2010b . In the absence of direct measurements of ingestion rates, we used estimations according to the model developed by Cammen (1980) , which is based on the inverse correlation between OM content and the ingestion of total dry material, dependent on organism size. However, there is a good possibility that this ingestion rate may not represent the feeding behaviour of the worms under laboratory exposures. To test this hypothesis, we calculated model predictions for the complete range of ingestion rates, including consideration of the absence of sediment ingestion as a worst case scenario. The average rate of net accumulation of metals for the period of observations, in particular over the last 10 days of observations, is captured using Cammen's ingestion rate assumptions, and the range of predicted concentrations captures the range of measured concentrations. This is observed for the Restronguet Creek sediment (see Fig. 4 ) and also for the Gannel and Dulas Bay sediment exposures (data shown in Figs. S1-S3 of the "Electronic supplementary material"). The exception to the good fit of model-predicted and measured concentrations is Ag. The Thames estuary presented higher concentrations of Ag than the Gannel estuary and Dulas Bay; thus, an elimination of bioaccumulated Ag concentrations would be expected over the laboratory exposure to these two sediments. However, bioaccumulated Ag concentrations measured in laboratory-exposed worms were usually higher than those measured in field-collected worms, and the time course of bioaccumulated Ag concentrations in worms does not show a decreasing trend for any of these two sediments. Two factors may have contributed to these results to some extent: an increased accumulation of Ag from the dissolved phase associated with an increase in dissolved Ag concentrations due to sediment resuspension during laboratory experiments and a decreased elimination rate over the laboratory exposure compared to those previously quantified and used here for the modelling exercise (Figs. S1a-S3a of the "Electronic supplementary material").
Growth rates are generally introduced into the biodynamic modelling of steady-state concentrations as the bioaccumulated concentrations are diluted by the increase of tissue weight in the organism. In our previous modelling exercises of steady-state concentrations in field-collected worms, we used a standard growth rate of 0.02 day −1 , and this term was needed to provide accurate steady-state predicted concentrations. We did not initially consider a growth rate term for modelling concentrations in laboratory-exposed worms to allow for any changes in body weight over the exposure duration. In fact, body wet weight in individual worms ranged from −30 to +20 % with respect to the weight of the worm on day 0, which translates into growth rates varying from −0.28 to 0.03 day −1 . The introduction of these growth rates into the model would translate into higher and lower forecasts, respectively, and the same applies for the correction of the measured concentrations in laboratoryexposed organisms. This factor could have also contributed to the increased Ag bioaccumulated concentrations in laboratory-exposed worms. When we took into consideration the correction for this factor, the effect on the fit between laboratory, field and modelling data was in fact negligible if any (data not shown), corroborating that the decrease in biomass in deposit feeders used in laboratory tests has uncertain and unpredictable effects for the interpretation of bioaccumulation results (Ciparis and Hale 2005; Van Geest et al. 2010 .
Conclusions
It is widely accepted that the easiest and most relevant measure for quantifying steady-state concentrations is provided by quantifying concentrations in individuals collected in the field from the site at issue. For assessments of hypothetical situations, for example, in ex situ characterisations, it may not be possible to obtain field-collected tissues. If this is the case, standard laboratory bioassays using individuals from a control site exposed to field-collected sediments are easy to perform and offer unique qualitative and quantitative measurements of metal bioaccumulation from sediments. Still it is common among deposit-feeding polychaetes to show symptoms of stress in feeding and growth not only caused by sediment contamination but also associated with laboratory handling and acclimation. This feature may result in a high variability in the measured bioaccumulated metal concentrations that should be considered for the interpretation of test results, in particular for short-term exposures. Laboratory protocols for bioaccumulation tests are relatively well standardised and 28 days is the most common exposure duration considered, but the significance of the 28-day protocol seems compromised for most of the metals and sediments considered in this study. A longer temporal sampling strategy of laboratory-exposed organisms is a suitable approach to ensure steady-state, but routine implementation of such an approach would entail greater time and costs. Appropriately designed models such as biodynamic modelling are a cost-effective alternative methodology to estimate both the extent and pattern of bioaccumulation under specified exposure conditions. Such models are able to provide predictions of steady-state concentrations, although their use still needs to be further extended and validated to consider site-specific physiological constraints and metal bioavailability issues.
